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o Sorption of PFASs of Cs or longer de-
pends on the pH or on the SOM bulk
net charge.

e For Cs5—Cg PFCAs, SOM bulk net
charge is strongly related to sorption.

e For longer-chained PFASs, pH is a
better predictor of sorption.

o Cation effects are evident only for
shorter-chained PFASs.

o Longer-chained PFASs probably bind
preferentially to the humin fraction
of SOM.
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Accurate prediction of the sorption of perfluoroalkyl substances (PFASs) in soils is essential for envi-
ronmental risk assessment. We investigated the effect of solution pH and calculated soil organic matter
(SOM) net charge on the sorption of 14 PFASs onto an organic soil as a function of pH and added con-
centrations of AI**, Ca?* and Na*. Often, the organic C-normalized partitioning coefficients (Koc) showed
a negative relationship to both pH (Alog Koc/ApH = —0.32 + 0.11 log units) and the SOM bulk net negative
charge (Alog Koc = —1.41 + 0.40 per log unit mol. g~!). Moreover, perfluorosulfonic acids (PFSAs) sorbed
more strongly than perfluorocarboxylic acids (PFCAs) and the PFAS sorption increased with increasing
perfluorocarbon chain length with 0.60 and 0.83 log Koc units per CF, moiety for C3—Cy9 PFCAs and Cg,
Cs, and Cg PFSAs, respectively. The effects of cation treatment and SOM bulk net charge were evident for
many PFASs with low to moderate sorption (Cs—Cg PFCAs and Cg PFSA). However for the most strongly
sorbing and most long-chained PFASs (Cg—Cy1 and Cq3 PFCAs, Cg PFSA and perfluorooctane sulfonamide
(FOSA)), smaller effects of cations were seen, and instead sorption was more strongly related to the pH
value. This suggests that the most long-chained PFASs, similar to other hydrophobic organic compounds,
are preferentially sorbed to the highly condensed domains of the humin fraction, while shorter-chained

PFASs are bound to a larger extent to humic and fulvic acid, where cation effects are significant.
© 2018 The Authors. Published by Elsevier Ltd. This is an open access article under the CC BY-NC-ND
license (http://creativecommons.org/licenses/by-nc-nd/4.0/).
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1. Introduction

Perfluoroalkyl substances (PFASs) have been produced in large
quantities for use in a variety of consumer products and industrial
applications since the 1950s (Cousins et al., 2016). However, in
recent years they have been recognized as environmental con-
taminants of global concern due to their persistency (Houtz et al.,
2013), bioaccumulative potential (Conder et al., 2008) and
toxicity (Giesy et al., 2010; Apelberg et al., 2007). PFASs have been
found ubiquitously in the environment (Zareitalabad et al., 2013;
Ahrens, 2011), and are taken up by organisms including humans
(Giesy and Kannan, 2001; Yeung et al., 2006). The environmental
behavior of PFASs differs from other persistent organic pollutants
(POPs) due to their extreme surface-active properties (Goss and
Bronner, 2006) characterized by their hydrophobic (oleophobic)
poly- or perfluorinated carbon chain (tail) in combination with the
hydrophilic, usually anionic, functional head group. Thus, in
contrast to other, non-ionic, POPs, for which the environmental
behavior is well predicted solely by their hydrophobic or lipophilic
properties, the behavior of the PFASs is governed not only by hy-
drophobic (oleophobic) but also by electrostatic interactions
(Higgins and Luthy, 2007). Due to this complexity of PFAS chem-
istry, sorption of these substances cannot be predicted from a single
sorbent bulk property such as for example organic carbon (OC)
content (Barzen-Hanson et al., 2017; Li et al., 2018) and there are
still significant uncertainties as regards how various sorbent-
specific properties, such as for example pH and surface-bound
cations, interact to determine the binding of PFASs to soils (Li
et al,, 2018). Accordingly, up to date there is a lack of standard
protocols to assess the soil chemical properties of PFASs.

Organic matter is known to be an important sorbent for PFASs in
soils (Milinovic et al., 2015) and sediments (Higgins and Luthy,
2006). However, the number of studies on PFAS sorption to
“pure” phases of soil organic matter (SOM) is scarce. Moreover,
studies on sorption in soils have usually included only a limited
number of PFASs (e.g. Milinovic et al., 2015). Furthermore, there is
still a lack of knowledge as for what fractions of SOM may be
important for binding of PFASs. Zhang et al. (2015) reported that the
humin fraction accounted for most of the sorption by comparing
perfluorooctane sulfonate (PFOS) sorption to untreated soils with
that of sodium hydroxide (NaOH)-treated soils. Humic (HA) and
fulvic acids (FA) were found to be less important, presumably
because of their higher charge, hydrophilicity and polarity (Zhang
et al., 2015). However, this contrasts with the results of Zhao
et al. (2014), who found that both the humin and the HA/FA frac-
tions may be important for the sorption of PFOS and per-
fluorohexane sulfonate (PFHxS). Humin has been shown to be an
important sorbent also for other hydrophobic organic compounds
(HOCs) (Kohl and Rice, 1998; Han et al., 2013). For polycyclic aro-
matic hydrocarbons (PAHs) the humin fraction contributed more to
binding than the HA/FA fraction (e.g. Gunasekara and Xing, 2003;
Chen et al., 2017; Kang and Xing, 2005).

In general, the sorption of ionizable, anionic, organic contami-
nants is promoted by a decrease in pH and by an increase in solu-
tion cation concentration (Jafvert, 1990). For PFASs this has been
confirmed by e.g. Higgins and Luthy (2006), Chen et al. (2009) and
Zhang et al. (2013) concerning the effect of pH and Ca®*, and by
Wang et al. (2015) concerning the positive impact of Mg?*, Fe>* and
AP+, However, no significant effect on sorption has been observed
for monovalent cations such as Na* and K" (e.g. Higgins and Luthy,
2006; Wang et al., 2015). Under environmental pH values, natural
organic matter (NOM) carries a negative net charge due to the
presence of dissociated carboxylic and phenolic acid groups
(Kinniburgh et al., 1999). Thus, in systems where NOM is present,
the increased sorption of anionic organic compounds after adding

multivalent cations can be understood in terms of a reduced
negative electrostatic potential of NOM caused by cation
complexation (Higgins and Luthy, 2006, 2007). The modeling work
by Higgins and Luthy (2007) on sorption of PFASs to sediment in the
presence of Ca>" and Na* suggested a strong relationship with the
electrostatic Donnan potential for sediment organic matter.

The main objective of this study was to assess the effect of so-
lution cation composition on the sorption of 14 PFASs onto SOM.
The effect of the modeled bulk net charge of SOM was compared to
that of pH, with the hypothesis that the bulk net charge would be
the better predictor of PFAS sorption in the presence of variable
concentrations of divalent and trivalent ions. In particular we
examined the effect of A** on PFAS sorption to an organic soil
sample and compared it to the effects of Ca%* and Na*, as Al’** has a
high charge density (a high valence in combination with small ionic
radius) and therefore a high propensity to form complexes with
organic functionalities. Accordingly, we hypothesized that the ef-
fect of AI** on PFAS sorption would exceed those of Ca%* and Na™.

2. Materials and methods
2.1. Standards

Fourteen target PFASs (purchased from Sigma Aldrich) were
analyzed including C3—Cqy; and Cy3 perfluoroalkyl carboxylates
(PFCAs), C4, Cg, Cg perfluoroalkyl sulfonates (PFSAs) and per-
fluorooctane sulfonamide (FOSA) (Table 1). For quality control, 10
mass-labelled internal standards (ISs) (i.e., '3C4-PFBA, '3C,-PFHXA,
13¢4-PFOA, 13C5-PENA, 13C,-PFDA, 3C,-PFUNDA, '3C,-PFDoDA, '80,-
PFHXS, 13C4-PFOS, 13Cg-FOSA, purity >99%, Wellington Laboratories,
Guelph, ON) and one recovery standard (3Cg-PFOA, purity >98%,
Wellington Laboratories, Guelph, ON) were included.

2.2. Sample characteristics

A mor layer soil sample with pH(H;0) of 4.8, containing 45% C,
1.3% N and 3.4% ash content on a dry weight (dw) basis, was used
for the experiment. The sample (Risbergshojden Oe) was collected
in 2011 from a Spodosol in central Sweden (Risbergshojden,
59°43’'00”N 15°01'59”E), a site dominated by Scots Pine (Pinus
sylvestris) vegetation. Soil from this site has been used in several
previous studies on metal binding to SOM (Gustafsson and van
Schaik, 2003; Gustafsson et al., 2007; Gustafsson et al., 2014), and
was selected for our experiment as it is representative for northern
latitude organic surface horizons, especially for those of coniferous
forest. The sample was sieved (<2 mm) prior to homogenization,
and then stored at +5 °C in its field-moist state with 69% water
content until further use. The geochemically active concentrations
of humic and fulvic acid, Al, Ca, Fe, K, Mg, Mn, Cr and Cu were
determined by Gustafsson et al. (2014) and are shown in Table S1 in
the Supporting Information.

2.3. Sorption batch experiment

Four batch sorption experiments were conducted using 50 mL
polypropylene (PP) tubes (Corning®, nonpyrogenic) with 0.45g
sample (dry weight) to which nitrate (NO3 ) salts of 10 mM Na*, 3.0
and 5.0mM Ca?* or 2.0 mM APP* were added to obtain environ-
mentally relevant ionic compositions within the range of previous
studies (Chen et al., 2009; Higgins and Luthy, 2006). Additional
sodium nitrate (NaNOs) salt was added to the Ca®* and AI** series
to keep the NO3 concentration similar (~10 mM) in all series (for
details see Table S2, Supporting Information). In addition, each
batch experiment was carried out at four different pH values (3,4, 5
and 6), which were reached using variable volumes of 20 mM nitric
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Table 1

Target PFASs and field- and laboratory-derived soil/sediment organic carbon-normalized partitioning coefficients (log Koc).
Substance Acronym Chemical formula (dissociated) log Koc

[mLg™']

Perfluorobutanoate PFBA C3F,CO0~ 1.88"
Perfluoropentanoate PFPeA C4FoCOO™ 137"
Perfluorohexanoate PFHxA CsF11C00™ 1.31%,2.1°
Perfluoroheptanoate PFHpA CgF13CO0~ 1.631,2.1°
Perfluorooctanoate PFOA C;F15C00~ 1.89-3.50cdef
Perfluorononanoate PENA CgF17C00 2.36—4.0""f
Perfluorodecanoate PFDA CoF19C00™ 2.96—4.6%>4f
Perfluoroundecanoate PFUNDA C10F21CO0~ 3.3-5.12bdf
Perfluorododecanoate PFDoDA C41F23C00 5.6 +0.2°
Perfluorotetradecanoate PFTeDA Cy3F>7CO0~ na
Perfluorobutane sulfonate PFBS C4F9SO3 1.22¢,1.79°
Perfluorohexane sulfonate PFHxS CgF13503 2.05—3.7>4f
Perfluorooctane sulfonate PFOS CgF17S03 2.6—3.8¥bcdef
Perfluorooctane sulfonamide FOSA CgF17SO,NH,2 42-45%

na = not available.
2 Labadie and Chevreuil (2011).
b Higgins and Luthy (2006).
€ Ahrens et al. (2011).
4 Ahrens et al. (2010).
€ Milinovic et al. (2015).
f Guelfo and Higgins (2013).

& Non-ionic species predominates within the investigated pH range (pK, = 6.52 (Steinle-Darling and Reinhard, 2008)).

acid (HNO3) or NaOH. The equilibrium solution chemistries of all
soil suspensions were checked to ensure undersaturation with
respect to Al(OH)3; soil phases. The suspensions (40 mL) were
spiked with 10 pL of a standard stock mixture of 14 PFASs dissolved
in methanol (5 pgmL~! of each substance), resulting in 111 ng of
each substance per gram dry sample. All four samples in the four
cation series were prepared in duplicate yielding in total 31 sam-
ples after removing one outlier from the subsequent data treat-
ment. A horizontal 1D-shaker (Gerhardt) was used to equilibrate
the suspensions for 7 days (168 h), which has been shown to be
sufficient to reach equilibrium (Higgins and Luthy, 2006; Ahrens
et al., 2011). After 7 days, the samples were centrifuged for
20 min at 3000 rpm, and the pH was measured in the supernatant
using a GK2401C combined pH electrode (Radiometer Analytical).

The aqueous phase was analyzed for PFASs using high-
performance liquid chromatography coupled to tandem mass
spectrometry (HPLC-MS/MS) and the validated method is
described elsewhere (Ahrens et al., 2015) and in the Supporting
Information. The sorbed amount of each compound was calcu-
lated with the method of aqueous loss. Furthermore, all PFAS
sorption was attributed to the organic carbon content of the soil
(foc = 45%) and sorption to mineral phases was thus assumed to be
negligible.

2.4. Quality assurance and control

The method detection limits (MDLs) ranged from 0.07 ngL~!
(PFHpA, PFDA) to 1.01 ng L~ (PFHxXA) using a signal-to-noise ratio
of 3. To minimize contamination, no fluorinated material (e.g. tet-
rafluoroethylene) was used in the experiments. All PFASs in the
negative blank samples (n=2) were below the respective MDLs.
The recovery of the ISs (mean + standard deviation) was on average
89 + 12% and the relative errors between duplicates were generally
<20%. Positive control blanks were prepared in duplicate using
similar pH values, background ionic strength (10 mM NaNOs) and
dissolved organic carbon (DOC) levels (DOC from the same soil
sample as used throughout the study) as obtained in the main
sorption experiment. With the exception of the Cg—C;; and Cy3
PFCAs, recoveries in the positive control blanks ranged from 79%
(PFBS) to 103% (PFHxXA, PFOA), on average, where a recovery of 100%

corresponded to a reference spike in Milli-Q water (n = 2) (Table S4
in the Supporting Information). As for the Cg—Cy; PFCAs, average
positive blank recoveries were higher than 100%, i.e. 130% (PFNA)—
166% (PFDA), which is likely attributed to smaller losses to PP tube
walls in the DOC-containing blanks as compared to the reference
spikes prepared with only Milli-Q water. As for the most long-
chained PFAS (i.e. Ci3 PFTeDA) however, blank recoveries were
low (on average, 15%), most likely due to analytical uncertainties.
Applying a three-compartment equilibrium mass-balance
(soil—water—PP tube) on the basis of the positive DOC-containing
blanks indicated nevertheless that PP tube losses should not have
influenced the results for PFTeDA in the sorption experiment to any
significant extent, nor the results for any of the other compounds
(data not shown). Thus, losses to PP tubes were assumed to be
negligible in the sorption experiment.

2.5. Modeling of organic matter bulk net charge

Visual MINTEQ ver. 3.1 (Gustafsson, 2013), with the Stockholm
Humic Model (SHM) (Gustafsson, 2001), was used to model the
bulk net charge of SOM (Z~, mmol. L) in the sorption experiment.
Good performance of SHM for cation sorption has been demon-
strated in previous modeling studies for soil from the same area
(e.g. Gustafsson et al., 2014). A basic model assumption is that the
sum of humic and fulvic acid constitute the proton and metal
binding component of SOM, thus any contribution from the humin
fraction is not explicitly accounted for. Thus, the bulk net charge of
SOM is a function of the cation concentrations, solution pH, and the
fraction of active humic and fulvic acid (Tipping and Woof, 1991;
Lofgren et al., 2010). As an example, the net charge Z™~ of humic and
fulvic acids in a system with Ca®* and AI** can be obtained from Eq.

(1)
[Z*] - {RO’] - [ROCa*] - [(RO)ZAﬁ] (1)

where RO~ is a deprotonated functional group (mainly carboxylic
or phenolic), ROCa* represents a Ca®* ion monodentately com-
plexed by one functional group and (RO),Al" represents bidentate
binding of an AI>* ion by two functional groups. If additional cat-
ions are present, the surface net charge is still given as the sum of



186 H. Campos Pereira et al. /| Chemosphere 207 (2018) 183—191

charge contributions from various species of SOM. Detailed infor-
mation on the assumed complex configurations in the Stockholm
Humic Model is discussed elsewhere (Gustafsson, 2001; Gustafsson
and Kleja, 2005). Since [RO7] is usually greater than the sum of
positive charge contributions, [Z~] will be a positive number as
seen from Eq. (1). This number is henceforth referred to as the net
(negative) charge.

The input to Visual MINTEQ was given as the geochemically
active concentrations (Table S1 in the Supporting Information)
(Gustafsson et al., 2014) along with measured pH, DOC and added
concentrations of cations and NO3, and simulated equilibrium
concentrations of solid-phase organic complexes were obtained as
output. Visual MINTEQ input and output data (Table S3 in the
Supporting Information) along with modeling assumptions are
described in the Supporting Information.

3. Results and discussion
3.1. Solid—liquid partitioning

Increasing binding strength with increasing perfluorocarbon
chain length was observed for both PFSAs (C4, Cg and Cg) and PFCAs
(C3—Cyo) (Figs. 1 and 2, Table 1) when accounting for the effect of pH
and net charge on sorption. For the PFSAs and PFCAs, the increase in
log Koc per additional CF, moiety were 0.83 and 0.60 log units,
respectively. Short-chained PFASs such as PFBA, PFPeA and PFBS
were weakly sorbed (less than 10% on average), whereas long-
chained PFASs (PFOS, FOSA, Co—Cy; and C;3 PFCAs) were sorbed
strongly (on average, 99—100%). The increased sorption with
increased PFCA chain length is in agreement with previous results
of Ahrens et al. (2010) and Higgins and Luthy (2006), who found
suspended particulate matter and sediment partitioning co-
efficients to increase with 0.50—0.75 log units per CF, moiety. For
the PFSAs, however, previous studies found an increase of
0.40—0.60 log units per CF, moiety, which is lower as compared to
this study (Milinovic et al., 2015; Higgins and Luthy, 2006). The
increased sorption upon increasing chain length is attributed to an
increase in PFAS hydrophobicity with each CF, moiety. For the most
long-chained PFASs (i.e. PFDoDA and PFTeDA), however, no
increased sorption was observed upon increasing perfluorocarbon
chain length (Fig. 2), which is in agreement with what was
observed by Zhang et al. (2013). This observation might be
explained by possible strong binding of the most long-chained
PFCAs to DOC, which would decrease their observed Koc values.
Such an effect of DOC on sorption has for example been shown by
Enell et al. (2016) with regard to high-molecular polycyclic aro-
matic compounds (PACs). Alternatively, the more or less equal
average sorption among the Cg—Cj; and Ci3 PFCAs could be
attributed to steric hindrances originating from the increased ri-
gidity reported for PFCA perfluorocarbon chains longer than Cqg
(Ellis et al., 2004).

PFSAs of a given perfluorocarbon chain length were sorbed more
strongly than the corresponding PFCAs, with the exception of the
analogs PFPeA and PFBS (Fig. 2), meaning that the presence of a
sulfonate functional head group led to stronger sorption (by 0.72
log units, on average) than the presence of a carboxylic head group.
This is in agreement with what was found in earlier research
(Higgins and Luthy, 2006; Ahrens et al., 2009, 2010). Furthermore,
the presence of an uncharged sulfonamide head group appeared to
favor sorption, as FOSA was sorbed more strongly than its anionic
analogs PFNA and PFOS, by, on average, 1.91 and 0.53 log units,
respectively. This agrees with the order of sediment sorption
observed by Ahrens et al. (2010, 2011).

3.2. Impact of pH and cations on sorption

Sorption increased with decreasing pH (p <0.05) for 10 of 14
PFASs, i.e. for PFHxA, PFHpA, PFOA, PFNA, PFDA, PFUnDA, PFDoDA,
PFTeDA, FOSA and PFOS (Fig. 1). For these 10 PFASs, the mean
decrease in log Koc value per unit pH (Alog Koc/ApH) was
0.32 +£0.11 log units (Fig. S4a and Table S7 in the Supporting In-
formation), which again is similar to that of 0.37 log units found by
Higgins and Luthy (2006). Furthermore, the regressed log Koc—pH
slopes became somewhat steeper with increasing perfluorocarbon
chain length and were calculated to decrease 0.04 log units per unit
pH per CF, moiety (p <0.05) (Fig. S4a, Supporting Information).
Within the PFCA class, the Pearson 2 values for the log Koc—pH
relationship increased consistently with perfluorocarbon chain
length from C3 PFBA (° = 0) to Cg PFNA (1° = 0.68). After a lower r°
value for Cg PFDA (r® = 0.44) the 1© values for the C1o—Cy; and Cj3
PFCAs were again higher (r* = 0.76—0.83) (Fig. 4). As for the PFSAs,
however, sorption was poorly predicted by the pH value (Fig. 1,
Fig. S3 and Table S8 in the Supporting Information).

For PFASs with intermediate chain length (i.e. Cs—Cg PFCAs and
PFHXS) the log Koc increased with the addition of cations to the soil
in the following order: AP* (2mM)>Ca®* (5mM)>Ca’"
(3mM)=Na' (10 mM) (paired Student's t-test, Fig. 1, Table S9 in
the Supporting Information). Moreover, for the C5s—Cg PFCAs, the
effects on sorption due to different cation treatments were more
pronounced at higher pH as compared to lower pH values. These
effects are consistent with the observations of Higgins and Luthy
(2006) and Zhang et al. (2013) (effect of Ca** > Na™), and Wang
et al. (2015) (AP* > Ca®* > Na™). Except for stronger sorption in
the AI>* treatment, there was no clear effect of either the pH value
or added cations for two of the three shortest PFASs, i.e. PFBA (C3)
and PFBS (C4). By contrast, for the most long-chained PFASs (i.e.
Co—Cy1 and Cq3 PFCAs, PFOS and FOSA), there were few statistically
significant effects of the added cations on the observed sorption
(Table S9, Supporting Information). In other words, the strong ef-
fects of added cations that were seen for the PFASs of intermediate
length were not seen for the substances with the longest chain
lengths.

3.3. Impact of modeled SOM bulk net charge on sorption

The calculated SOM bulk net charge increased with increasing
pH (Fig. 3), with the largest relative increase for the Na* (10 mM)
treatment and the smallest for the Ca®* (5 mM) treatment, while
the Ca®" (3mM) treatment showed intermediate behavior. The
APt (2 mM) treatment yielded the lowest bulk net charge at pH < 5
due to strong complexation with humic and fulvic acid.

For 11 of the 14 investigated PFASs (i.e. PFHxA, PFHpA, PFOA,
PFNA, PFDA, PFUnDA, PFDoDA, PFTeDA, FOSA, PFHxS and PFOS)
sorption increased with decreased SOM net negative charge
(p <0.05) (Fig. 1), with a mean decrease of 1.41 + 0.40 log units for
log Koc per log unit mol. g~! (Fig. S4b and Table S8 in the Sup-
porting Information). For the three most short-chained PFASs (i.e.
PFBA, PFPeA and PFBS), however, no significant relationship was
found (Fig. 1). For PFHxS, addition of A+ resulted in an increase of
sorption of >1 log unit as compared to the other cation treatments
(Fig. 1), which was larger than expected with respect to the simu-
lated net charge (Fig. 1). The reason for this is not known. For
example, it is not likely that sorption increased as a result of AI>*
bridging between the sulfonate head group and the sorbent, due to
the significant electron-withdrawing properties (low nucleophi-
licity) of organofluorine sulfonate groups (Lawrance, 1986).

The relationship between PFAS sorption and the SOM bulk net
charge can be compared to the relationship with the pH value
(Fig. 4, Fig. S3 in the Supporting Information). For short-chained
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Fig. 2. Relationship between log Koc [mL g~'] and perfluorocarbon chain length for
C3—Cyp PFCAs (p <0.05), FOSA, and C4, Cg and Cg PFSAs (p <0.05) in the sorption
experiment. Each data point represents the average log Koc (n = 31). PFDoDA (Cq1) and
PFTeDA (Cy3) were excluded from the PFCA regression fit.

PFASs (with the exception of PFPeA), and also for C;—Cg PFCAs and
PFHXS, the relationship with the SOM bulk net charge was stronger
and provides a better basis for a model able to predict the effects of
both pH and cations on PFAS sorption. For the sorption of the most
long-chained PFASs, however (i.e. Cg—Cy; and Cy3 PFCAs, PFOS and
FOSA), the relationship with the SOM bulk net charge was weaker
than that with pH alone. This reflects the fact that the added
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Fig. 3. Calculated SOM bulk net charge as a function of pH and cation treatment in the
sorption experiment. Stated cation concentrations are additions of the respective ni-
trate (NO3) salts. Dashed lines connect the points and are included for clarity.
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Fig. 4. The Pearson 1 value for SOM bulk net charge vs. log Koc and pH vs. log Koc as
influenced by the PFCA perfluorocarbon chain length (C4 PFPeA excluded). Closed
markers represent significant correlations (p < 0.05) and open markers non-significant
relationships (p > 0.05).

cations, even though they influenced the SOM bulk net charge as a
consequence of their binding, did not alter the PFAS sorption to any
large extent. Our hypothesis that the SOM bulk net charge would be
a better sorption predictor than pH was thus verified for C3 and
C5—Cg PFCAs and PFHxS, whereas the pH value alone was observed
to be the better sorption predictor for Cg—Cy; and Cy3 PFCAs, PFOS
and FOSA (Fig. 4, Fig. S3 in the Supporting Information). As regards
the PFASs for which sorption was better predicted by the SOM bulk
net charge, the sorbed fractions ranged, on average, from 3% (PFBA)
to 83% (PFNA), whereas for those PFASs for which sorption was
better predicted by the pH value alone, sorption ranged, on average,
between 99% and 100%.

For the most long-chained PFASs, the observation that pH alone
was a better predictor of sorption than the SOM bulk net charge
suggests that these PFASs may have had a high affinity for a SOM
fraction that did not bind cations such as Ca?* and AI>* to any larger
extent, although it possessed pH-dependent charge. A likely
candidate is the humin fraction, which is known to be the most
important SOM fraction for the sorption of other hydrophobic
organic compounds (Gunasekara and Xing, 2003) including PFOS
(Zhang et al., 2015). At low pH the degree of dissociation and the
number of weak acids of humin is quite small compared to that of
HA and FA (Lépez et al., 2012; Cooke et al., 2008; Chang et al., 2014).
This explains why a model for SOM bulk net charge, with param-
eters derived for only HA and FA, may be able to describe the acid-
base characteristics of organic soils, including the soil used here,
reasonably well as long as low pH is maintained (Gustafsson et al.,
2014; Gustafsson and Kleja, 2005; Cooke et al., 2008). It may be
hypothesized that the low net charge under low-pH conditions
makes the humin fraction a relatively poor sorbent for cations as
compared to HA and FA. Thus, the ability of humin to bind HOCs
would remain largely unaltered upon cation additions, in accor-
dance with what was observed for the most long-chained PFASs.
The high sorption capacity of humin towards HOCs is attributed to
its highly condensed aliphatic and aromatic domains (Gunasekara
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Fig. 5. Conceptual model for the observed PFAS SOM sorption, in which the PFASs (i.e. Co—Cy; and Cy3 PFCAs, PFOS and FOSA) with a strong SOM sorption (>99%) are preferentially
bound to the humin fraction, whereas the PFASs (i.e. C3 and Cs—Cg PFCAs and PFHXS) with a weaker SOM sorption are hypothesized to also bind to humic and fulvic acid.

and Xing, 2003; Chen et al., 2007), and thus it is suggested that
these domains also bind the longer-chained, relatively more hy-
drophobic, PFASs.

3.4. Conceptual model

The results shown in Figs. 1 and 4 suggest that the interaction
mechanisms between PFASs and SOM may be different depending
on PFAS chain length, as conceptually described in Fig. 5. For the
majority of the long-chain PFASs (i.e. C9—Cy; and Cy3 PFCAs, PFOS
and FOSA), the pH-dependent sorption in combination with the
small effect of cations other than H", suggests that the mechanism
is similar to that of other hydrophobic organic compounds, i.e.
these PFASs interact preferentially with the most highly condensed
domains of the humin fraction, which carry a relatively low —
although pH-dependent — net charge and do not bind other cations
to any large extent. The extent of sorption of the most long-chained
PFASs is poorly predicted by the SOM bulk net charge, simply
because the latter does not provide a good representation of the net
charge of the highly condensed humin fraction. It can be hypoth-
esized that the most long-chained PFASs may penetrate (limited
penetration, as suggested by Higgins and Luthy (2007), or full ab-
sorption) into the bulk solid organic phase of the humin fraction.
For PFASs of shorter chain length (i.e. C3 and Cs—Cg PFCAs and
PFHXS), penetration into the condensed domains may be less effi-
cient due to the charge of the head group. This makes preferential
sorption to the humin fraction less likely, and instead these PFASs
may bind to HAs and FAs as well. This, however, makes sorption
increasingly dependent on the sorption of cations such as Ca>* and
APt as they interact more strongly with HA and FA, causing a
reduction in the SOM net charge, which in turn favors PFAS
sorption.

HOCs preferentially sorbed to SOM humin-like fractions may be
expected to exhibit sorption isotherms with a higher degree of
nonlinearity as compared to compounds bound to less condensed,
humic-type, carbon domains, and in addition their sorption may be
less reversible (with pronounced sorption—desorption hysteresis)
(Huang et al., 1997). Such sorption/desorption behavior has been
observed for PFOS in previous studies (Wei et al., 2017; Qian et al.,
2017; Milinovic et al., 2015) which may further support the sug-
gestion of preferential PFOS binding to the humin fraction (c.f.

Zhang et al.,, 2015). However, for PFOA, sorption isotherms are
linear and the sorption more reversible as compared to that of PFOS
(Miao et al., 2017; Milinovic et al., 2015). This may, in agreement
with the conceptual model presented here, suggest that PFOA does
not exhibit the same preferential affinity for humin and may also
bind to humic and fulvic acid.

4. Conclusions

In this study we investigated the effect of the solution pH and
SOM bulk net charge on PFAS sorption to an organic soil. The
sorption was inversely related to both pH and to SOM bulk net
charge, with SOM bulk net charge being more important for mainly
short-chained PFASs, while the pH value alone was more important
for the majority of the long-chained PFASs since cations had less
effect on sorption for the latter group. This suggests that many
long-chained PFASs are preferentially bound to the humin fraction
of SOM, whereas shorter PFASs may also bind to the humic and
fulvic acids. To further explore the role of humin for PFAS sorption
to SOM, more knowledge on humin surface chemistry is essential.
Of particular importance would be the development of a
geochemical surface complexation model with the ability to
simulate the acid-base and cation binding characteristics of humin.
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